Abstract. The widely held belief that riparian communities are highly invasible to exotic plants is based primarily on comparisons of the extent of invasion in riparian and upland communities. However, because differences in the extent of invasion may simply result from variation in propagule supply among recipient environments, true comparisons of invasibility require that both invasion success and propagule pressure are quantified. In this study, we quantified propagule pressure in order to compare the invasibility of riparian and upland forests and assess the accuracy of using a community's level of invasion as a surrogate for its invasibility.
INTRODUCTION
Understanding the factors responsible for the marked variation in the extent of exotic plant invasion among ecosystems is a widely shared goal in both applied and basic ecology. Central to this question is the role of invasibility: the intrinsic susceptibility of an ecosystem to invasion (Crawley 1987 , Lonsdale 1999 . Many studies have attempted to compare the invasibility of different regions, ecosystems, and community types (Planty-Tabacchi et al. 1996 , Hutchinson and Vankat 1997 , Brooks 1999 , Stohlgren et al. 1999 , Hood and Naiman 2000 . However, these studies typically compared the ''extent of invasion'' (the presence, abundance, richness, or diversity of invasives) rather than true invasibility (Lonsdale 1999 , Richardson and Pysek 2006 , Chytry et al. 2008 . Differences in the extent of invasion may simply result from variation in propagule supply among recipient environments. Therefore, true comparisons of invasibility require that both invasion success and propagule pressure be quantified (Lonsdale 1999) .
Propagule pressure clearly plays an important role in invasion (Lonsdale 1999 , Rouget and Richardson 2003 , Eschtruth and Battles 2009 . However, propagule pressure is difficult to measure and, therefore, is typically ignored in invasibility studies (D'Antonio et al. 2001, Richardson and Pysek 2006) . Failure to account for propagule pressure is particularly likely to confound conclusions about invasibility in systems such as riparian plant communities due to the role of water as an additional dispersal vector. Despite the likely importance of water-dispersed propagules in the invasion of riparian zones (Levine 2000 , Tabacchi et al. 2005 , we know of no studies that have quantified the role of naturally occurring differences in propagule pressure in the invasion of riparian and upland communities. Though several studies have reported that riparian communities are highly invasible, this conclusion is largely based on comparisons of the extent of invasion in riparian and upland communities (DeFerrari and Naiman 1994 , Planty-Tabacchi et al. 1996 , Stohlgren et al. 1998 , Hood and Naiman 2000 , Brown and Peet 2003 , Truscott et al. 2008 . Therefore, these ecosystems are believed to be highly invasible simply because they are often heavily invaded (Planty-Tabacchi et al. 1996, Hood and Naiman 2000) .
We suggest that the use of a community's level of invasion as a surrogate for its invasibility has confounded our understanding of invasibility and its determinants. For instance, the perceived invasibility of riparian plant communities is often attributed to hydrological disturbance (Planty-Tabacchi et al. 1996, Hood and Naiman 2000) . However, disturbance can affect several proposed determinants of invasion (e.g., propagule 1 E-mail: eschtruth@berkeley.edu pressure, resource availability, competition), which are difficult to isolate without direct measurement (Lonsdale 1999 , D'Antonio et al. 2001 . Further, failure to account for propagule pressure may confound our understanding of general invasion theories. For example, ecological theory has long held that species rich communities should be less susceptible to invasion by exotic plants (Elton 1958, Levine and D'Antonio 1999) . Due to their high plant species diversity (Naiman and Decamps 1997) , riparian plant communities have played a central role in this debate (e.g., Planty-Tabacchi et al. 1996 , Stohlgren et al. 1998 , Levine 2000 , Brown and Peet 2003 . Empirical support for this idea has been mixed with studies documenting both negative and positive effects of diversity on invasibility (Levine and D'Antonio 1999 , Dukes 2002 , Maron and Marler 2007 , Ricotta et al. 2010 , Tanentzap et al. 2010 . The inconsistency of the evidence has been attributed to environmental factors that covary with species diversity and to the scale at which these studies were conducted (Levine and D'Antonio 1999, Davies et al. 2005) . Alternatively, this discrepancy may be explained, in part, by the use of extent of invasion as a proxy for invasibility. For instance, covariation between propagule pressure and species diversity in riparian plant communities (Nilsson et al. 1993) suggests that correlation between the extent of invasion and species diversity may be determined entirely by propagule pressure.
In this study, we compared the invasibility (i.e., the intrinsic susceptibility of an ecosystem to invasion) of riparian and upland forest communities by quantifying the change in abundance of exotic plants per arriving propagule over a four year period (Davis et al. 2000) . The value of this operational definition of invasibility is that it controls for differences in propagule supply. In the context of this study, invasibility is a measure of the establishment success and initial survival rate of the exotic plants. To control for species effects, we focused on the three most common exotic plant species in our study sites: Microstegium vimineum (Japanese stiltgrass), Alliaria petiolata (garlic mustard), and Berberis thunbergii (Japanese barberry). To assess the potential impacts on our understanding of broader invasion theory, we evaluated the species diversity-invasibility and the species diversity extent of invasion relationships. This study improves our understanding of the role of propagule pressure in exotic plant invasion, the invasibility of riparian systems, and the species diversityinvasibility relationship. Most importantly, we demonstrate the potential biases resulting from the common practice of using extent of invasion as a proxy for invasibility.
METHODS

Study sites
The invasibility of riparian and upland plant communities to Alliaria petiolata, Berberis thunbergii, and Microstegium vimineum was compared in 16 forests in the Delaware Water Gap National Recreation Area (DEWA), in northeastern Pennsylvania and western New Jersey, USA, along the Delaware River. Each of these spatially disjunct, topographically isolated forests was drained by either a first-or second-order stream (see Appendix A for site details).
Alliaria petiolata, a biennial forb; B. thunbergii, a woody shrub; and M. vimineum, an annual grass; are widespread, aggressive invaders (Ehrenfeld 1999 , Nuzzo 1999 , Gibson et al. 2002 , USDA/NRCS 2007 . The invasion of these species into the studied sites was a relatively recent occurrence. In fact, surveys of two of these sites in 1994 found that while these species were present along roadsides and in adjacent forests; they did not occur in the studied forests (Eschtruth et al. 2006) . In 2003, A. petiolata, B. thunbergii, and M. vimineum were present, to varying degrees, in all of the studied forests. However, their occurrence was patchy and the majority of studied plots were invaded during the five year study period (Table 1) .
Plot design
In 2003, a total of 1408 plots were established to monitor understory vegetation (88 plots per site). At each of the sixteen sites, random points were selected along the stream (.50 m apart) and six transects were established perpendicular to the stream with 2 3 4 m plots set parallel to the streambed at the stream, midslope, and upper slope of the forested ravine (288 total plots). An additional 70 plots (1 3 1 m) were randomly placed in each of the studied forests (1120 total plots) to monitor the spread of exotic plants. The location of all plots was recorded with a geographic positioning device and corners were marked with rebar to ensure precise relocation. At each site, the monitoring plots were dispersed across a minimum area of 14 ha.
In each of these 1408 plots, the species composition, percent cover of each species, and exotic species abundance (number of plants) was recorded annually (2003) (2004) (2005) (2006) (2007) (2008) from mid-June to July. For the biennial A. petiolata, the age class (i.e., first-year basal rosette or second year plants with flower stalks) was noted. Plots were classified as riparian based on proximity to a stream ( 15 m) and evidence of flooding during the study period (e.g., mineral soil deposited by stream). Plots in upland plant communities were located an average of 112 m uphill from a stream.
Propagule pressure
We estimated propagule availability at the plot level using direct germination methods (Gross 1990) . Two soil samples were collected near each plot in May of 2004, 2005, 2006, and 2007 (2816 total samples in each year; see Appendix A for methodological details). A metal cylinder with a 20 cm diameter was used to collect soil to a depth of 10 cm. All samples were exposed to natural lighting conditions in a temperature-controlled (minimum 158C; maximum 308C) glasshouse and watered as required to keep the soil moist. All seedlings that emerged were identified to species and removed (see Appendix A for methodological details). For each exotic species, the index of propagule pressure was calculated by summing the number of germinants observed in each year.
We verified the seed bank germination results by assessing germination rates and with a model of seed rain based on the weighted distance to seed sources, seed dispersal distance, and estimates of seed production (see Appendix A for methodological details [Eschtruth and Battles 2009] 
Invasibility
A community's invasibility (probability of establishment of individual plants per arriving propagule) to a particular species for a specified time period can be quantified as the mean invasibility over that time period (Davis et al. 2000) . For each plot in which propagules were recorded, invasibility was calculated annually for A. petiolata (n ¼ 457), B. thunbergii (n ¼ 219), and M. vimineum (n ¼ 376) over a four-year time period (2003) (2004) (2005) (2006) (2007) as the establishment divided by the plot specific index of propagule pressure for that year. Thus the index of invasibility varied from 0 to 1, with a value of 0 indicating that no arriving propagules established and a value of 1 signifying that every arriving propagule established. The annual estimates of invasibility for each plot were averaged to determine the mean invasibility of each plot to A. petiolata, B. thunbergii, and M. vimineum over the study period. Our measure of establishment varied among the studied species to reflect their individual life histories (see Appendix B for methodological details). Since our measure of invasibility was based on establishment, we also monitored the survival of A. petiolata and B. thunbergii and the population persistence of M. vimineum. For A. petiolata, we recorded the number of plants that survived each year by recording the number of first-year basal rosettes that survived to the second year reproductive stage. We report the mean survival over the four year study period. For Berberis thunbergii, a perennial woody shrub, we report mean annual survival of B. thunbergii individuals from the one-third of plots in which B. thunbergii individuals were labeled (see Appendix B for details). For M. vimineum, an annual plant, our measure of establishment was equivalent to survival. Therefore, we also report the mean annual population persistence at the plot level.
One-way analysis of covariance (ANCOVA) was used to compare both the extent of invasion (exotic plants/ m 2 ) and the invasibility of riparian and upland plots for each of the studied species. Plot size (1 3 1 m, 2 3 4 m), which was coded as a dummy variable, was included as a covariate. A plot-level index of canopy disturbance severity (change in total transmitted radiation from 2003 to 2007; sensu Eschtruth and Battles 2008) was also included as a covariate in our comparison of riparian and upland communities to measure the potential influence of the canopy decline caused by hemlock woolly adelgid (Adelges tsugae) or other canopy disturbance agents. We tested for the potential differences in the role of canopy disturbance between upland and riparian habitats because in a previous study (Eschtruth and Battles 2009) , focused on determining the relative importance of canopy disturbance, herbivory, species diversity, and propagule pressure in influencing the rate of invasion in eastern hemlock forests, we found that canopy disturbance could increase the rate of invasion. The current analysis includes six additional sites and previously unanalyzed data from 1108 plots. To assess the species diversity-invasibility relationship, we used species richness (number of species/m 2 , includes native and exotic species) as a metric of species diversity (Stohlgren et al. 1999 ; sensu Levine 2000, Brown and Peet 2003) . For each species, the species-diversity-index-of-invasibility relationship was fitted using linear regression. To contrast the results of this analysis to a typical comparison of diversity and extent invasion, we used linear regression to determine the relationship between species diversity and the extent We used a t test to compare the mean propagule pressure index for the riparian and upland plots. To examine the strength of the relationships between invasibility and the extent of invasion, between species diversity and the index of propagule pressure, and between species diversity and vegetation cover, we calculated Pearson's product moment correlation coefficients. For all species, the total number of invaded plots was evenly distributed between riparian and upland sites (540 riparian plots; 492 upland plots).
RESULTS
From 2003 to 2007, the extent of invasion by A. petiolata, B. thunbergii, and M. vimineum increased in the studied plots (Table 1) . Although these species were present in 2003, more than 67% of plots were first invaded during the study. The extent of invasion and invasibility to A. petiolata, B. thunbergii, and M. vimineum varied markedly among plots (Table 1) . The mean index of propagule pressure varied greatly among species from a high of 286.5 seeds/m 2 for M. vimineum to a low of 13.3 seeds/m 2 for B. thunbergii. Plant species diversity varied considerably among plots, ranging from 1 to 56 species/m 2 with a mean of 14.4 species/m 2 (6 10.2, SD).
Results from the seed rain model provide strong support for our index of propagule pressure. For all three species, we found a significant linear relationship between estimates of propagule pressure based on seed bank germination and the seed rain model (A. petiolata, r ¼ 0.81, t ¼ 54.9, P , 0.001; B. thunbergii, r ¼ 0.54, t ¼ 8.4, P , 0.001; M. vimineum, r ¼ 0.72, t ¼ 11.6, P , 0.001; see Appendix A: Fig. A1 ). Further, all species had high germination rates using direct germination methods (A. petiolata: 88%; B. thunbergii: 94%; M. vimineum: 79%) and similar germination rates were observed in riparian and upland soils for all species (A. petiolata
Annual survival (population persistence for M. vimineum) was remarkably high for all three exotic species and was similar in riparian and upland sites (A. petiolata upland ¼ 94%, riparian ¼ 96%; B. thunbergii upland ¼ 99%, riparian ¼ 99%; M. vimineum upland ¼ 95%, riparian ¼ 92%). Population persistence from first invasion to the end of the study period was .95% for all three species.
Comparison of riparian and upland communities
The extent of A. petiolata and M. vimineum invasion in 2007 was significantly greater in the riparian plots (Fig. 1) . Riparian communities contained 3.7 times more A. petiolata individuals (F 1, 455 ¼ 168.5, P , 0.0001) and 5.2 times more M. vimineum individuals (F 1, 374 ¼ 286.6, P , 0.0001; Fig. 1 ) than the upland plots. However, no difference was observed between the invasibility of the riparian and upland communities to A. petiolata (F 1, 455 ¼ 1.02, P ¼ 0.31) or M. vimineum (F 1, 374 ¼ 2.01, P ¼ 0.16; Fig. 1 ). In contrast, there was no significant difference in the extent of B. thunbergii invasion (F 1, 217 ¼ 3.55, P ¼ 0.10) between riparian and upland locations but the riparian communities had a significantly higher index of invasibility to B. thunbergii (F 1, 217 ¼ 4.53, P ¼ 0.03; Fig.  1 ). The comparison of the invasibility and extent of invasion in riparian and upland communities was not significantly influenced by plot size (P . 0.65 for all species) or canopy disturbance severity (P . 0.27 for all species) for A. petiolata, B. thunbergii, or M. vimineum. No significant relationship between species diversity and vegetation cover was observed in either riparian or upland habitats (riparian r ¼ 0.07, t ¼ 1.58, P . 0.15; upland r ¼ 0.05, t ¼ 1.3, P . 0.2).
Riparian plots received significantly higher propagule supply of both A. petiolata (3.4 times greater, t ¼ 16.86, P , 0.0001) and M. vimineum (4.9 times greater, t ¼ 21.87, P , 0.0001, Table 1 ). The index of B. thunbergii propagule supply was equally distributed between riparian and upland plots (t ¼ 0.313, P ¼ 0.75, Table  1 ). The mean species richness was 2.2 times greater in riparian plots than in upland plots (mean riparian ¼ 19.95, mean upland ¼ 9.16; F 1,1406 ¼ 289.0, P , 0.0001).
Species-diversity-invasibility relationship
We found significant positive relationships between plant species diversity and the extent of invasion for all three invasive species but no relationship between species diversity and invasibility (Fig. 2) . Further, the correlation between invasibility and the extent of invasion was significant only for B. thunbergii (r ¼ 0.42, t ¼ 7.75, P , 0.001). However, there was a significant positive correlation between species diversity and the index of propagule pressure for A. petiolata (r ¼ 0.24, t ¼ 12.8, P , 0.001) and M. vimineum (r ¼ 0.37, t ¼ 3.23, P ¼ 0.001) but not for B. thunbergii (r ¼ 0.04, t ¼ 0.44, P ¼ 0.66). For both A. petiolata and M. vimineum, the relationship between species diversity and the index of propagule pressure was stronger for the riparian plots than for the upland plots (A. petiolata riparian, r ¼ 0.18, t ¼ 4.28, P , 0.001; upland, r ¼ 0.09, t ¼ 3.03, P ¼ 0.003; and M. vimineum riparian, r ¼ 0.23, t ¼ 3.24, P ¼ 0.001; upland, r ¼ 0.07, t ¼ 0.37, P ¼ 0.70). For all three species, there was a significant relationship between the extent of invasion and the index of propagule pressure (A. petiolata R 2 ¼ 0.59, F 1, 455 ¼ 661.7, P , 0.00001; B. thunbergii R 2 ¼ 0.12, F 1, 217 ¼ 16.8, P ¼ 0.00006; M. vimineum R 2 ¼ 0.54, F 1, 374 ¼ 473.7, P , 0.000 01; Fig. 3 ).
DISCUSSION
The results support our contention that the use of a community's extent of invasion (i.e., the presence, abundance, richness, or diversity of invasives) as a surrogate for invasibility (i.e., the intrinsic susceptibility of an ecosystem to invasion) can confound our understanding of invasibility and its determinants. Although riparian areas were significantly more invaded by A. petiolata and M. vimineum, we found no difference in the invasibility of riparian and upland communities to these species (Fig. 1) . Riparian forests were more invasible only to B. thunbergii even though the extent of invasion was similar in riparian and upland forests (Fig. 1b) . The fact that the only species to which riparian habitats were more invasible was also the only species that did not have a higher abundance in the riparian sites further highlights the problem of using extent of invasion as a surrogate for invasibility.
The convention of comparing invasibility among habitats based on the extent of invasion assumes that exotic seeds are uniformly available. However, there is growing evidence that gradients in propagule pressure are an important contributor to the observed variation in extent of invasion among communities (e.g., Lonsdale 1999 , Rouget and Richardson 2003 , Chytry et al. 2008 , Eschtruth and Battles 2009 . Indeed, in our study, riparian sites received more than three times as many seeds of A. petiolata and M. vimineum (Table 1) .
Several environmental factors have been proposed to explain the presumed high invasibility of riparian habitats including hydrological disturbance and higher resource availability (Hood and Naiman 2000, Parendes and Jones 2000) . Our results suggest that, for some species, the higher degree of propagule pressure resulting from water dispersed seeds explains the greater extent of invasion in riparian sites. Although the dispersal agents and patterns of the three study species are not well known, the importance of water dispersal has been suggested for A. petiolata (Nuzzo 1999, Meekins and McCarthy 2001) and M. vimineum (Mehrhoff 2000 , Judge 2005 , Eschtruth and Battles 2009 . The temporal and spatial patterns of propagule pressure observed in this study support the contention that water is an important mode of dispersal for these species. For example, during the first year of invasion by A. petiolata or M. vimineum, less than 25% of riparian plots were located within 30 meters of a seed source. For both species, the fact that many plots with a predicted seed rain index of 0 (i.e., no local propagule source) were invaded during the study period further supports the significance of long distance dispersal. More than 82% of plots with no local propagule source (i.e., a predicted seed rain index of 0) in which A. petiolata or M. vimineum invaded during the study period were located less than 10 m from a stream. Further, only B. thunbergii, which is thought to be primarily dispersed by birds (Ehrenfeld 1999, Silander and Klepeis 1999) , did not have higher index of propagule pressure in the riparian plots.
Our index of propagule pressure provided a robust means of estimating seed inputs that incorporated multiple dispersal vectors across different sites. Direct germination is a labor intensive approach to estimating seed input. It is not a perfect measure in that factors such as seed pathogens and predators could result in differential seed survival among sites that can bias estimates of propagule pressure. However, our results provided compelling evidence that this index accurately reflected the supply of propagules. For instance, the fact that germination rates were high and comparable in both riparian and upland soils allays concerns about potential site biases. In addition, we found a significant relationship between the extent of invasion and the index of propagule pressure for A. petiolata and M. vimineum. Moreover, we found strong correspondence between propagule pressure estimates based on direct germination and estimates based on our spatial model of seed rain. The spatial model of seed dispersal is unaffected by factors influencing seed survival. Therefore, the relationship between direct germination and spatial model estimates provides substantial evidence that our index scales with propagule pressure at the studied sites.
Measuring propagule pressure is difficult. The direct germination method used in this study was deemed to be the best for comparing natural levels of propagule pressure among sites with varying seed dispersal vectors. Unfortunately, there are limitations with all methods of measuring propagule pressure for this purpose. For instance, seed addition studies (e.g., Tilman 1997 , Dukes 2002 , Thomsen et al. 2006 do not reflect the natural variation in seed availability among sites (Clark et al 2007) ; spatial models of seed dispersal (e.g., Rouget and Richardson 2003 ) may be valuable in many circumstances but are not an appropriate method for comparing propagule pressure among sites with different dispersal vectors and cannot account for many long distance dispersal events; studies that rely on the use of seedlings to estimate propagule pressure (e.g., Von Holle and Simberloff 2005) likely overestimate the importance of propagule pressure as they do not account for factors affecting seed survival and germination (Clark et al. 2007) ; and the use of proxies for propagule pressure (e.g., distance from urban/disturbed areas, number of human visitors to an area; Lonsdale 1999 , Chytry et al. 2008 does not provide a quantification of naturally occurring levels of propagules. Despite these limitations, the results of this study and others (Lonsdale 1999 , Chytry et al. 2008 ) strongly suggest that the use of a reasonable index for propagule pressure is clearly superior to ignoring propagule pressure in comparisons of invasibility.
Our invasibility metric was based on exotic plant establishment. We acknowledge the potential limitations of this approach in that the concept of invasibility typically includes both establishment and survival (sensu Lonsdale 1999) of the invading species. In the context of this study, namely the initial phase of invasion where exotic species are rare and sparsely dispersed (Table 1) , the emphasis on establishment is appropriate. It is the first barrier that must be overcome in the invasion process (Pyšek and Richardson 2010) . We also found no habitat level differences in survival among the three invading species: they were extraordinarily high in riparian and upland plots. Further, our measures of establishment were nearly equivalent to our estimates of survival over the four year study period. While this study length only provides insight into short-term persistence of these species, the extraordinarily high survival and population persistence levels of these species allow us to link our metric based on establishment to overall population growth rates. The high persistence rates of these exotic species likely reflect, in part, the timing of our surveys. Plant surveys were conducted later in the summer (i.e., mid-June to July) and may not account for the early loss of germinants.
In general, the quantification of invasibility is complicated by temporal and spatial considerations (Davis et al. 2005 , Kuhn and Klotz 2007 , Milbau et al. 2009 ). Our study was conducted in forested ravines in the early phases of invasion. We know from our seed rain model that most of the colonizing propagules arrived from outside our plots. However at some point, once an invasive population is established, it may spread from local seed sources. Given the timing of the invasion and the precision of our plot-level data, we can make a reasonable accounting of the source of propagules. However, when we scale results from our plots to the habitat level, we cannot distinguish between propagules generated from an extant population in the habitat and those arriving from sources outside the habitat. In short, we may be blurring the distinction between the establishment phase of an invasion and the population survival/growth phase. While it is essential to evaluate establishment success of an invading species on a per propagule basis, quantifying the invasibility of a habitat in terms of population survival and growth would require an approach focused more on the demography (e.g., reproduction, dispersal) of the invading species in the different habitats. This discussion highlights the need for a more explicit definition of invasibility (Davis et al. 2005 ) and a framework (Kuhn and Klotz 2007, Milbau et al. 2009 ) for integrating results across time and space.
We observed distinct variation in the invasibility of the studied communities to each species. The idea that a community's invasibility varies among species has been previously noted (Lonsdale 1999) . Although these species-specific responses likely prevent broad generalizations (Stohlgren et al. 1999) , invasibility studies continue to label habitats as either invasible or resistant to exotic plants. These species-specific responses highlight the fact that the perceived invasibility of any ecosystem is determined by the species in the pool of available propagules (Chytry et al. 2008) . Habitats, such as riparian zones, may be more invaded in some instances simply due to larger pools of ecologically matching exotic species (i.e., water dispersed riparian species; Prinzing et al. 2002 , Pyšeky et al. 2004 .
Our analysis of the species-diversity-invasibility relationship exemplifies the misleading conclusions that can arise from the failure to account for the role of propagule pressure in assessments of habitat invasibility. Our results did not support the theory that species rich communities are less susceptible to invasion by exotic plants (e.g., Elton 1958 , Kennedy et al 2002 . We found no relationship between plant species diversity and invasibility for any of the studied exotics. However, species diversity had a significant positive impact on the extent of invasion for each species. This relationship may be explained, in part, by the correlation between propagule pressure and species diversity. We suggest that for A. petiolata and M. vimineum, the higher propagule pressure of these water dispersed seeds is associated with a higher availability of seeds of other species and, therefore, contributes to somewhat higher species diversity. These findings support the conclusion of Stohlgren et al. (1999 Stohlgren et al. ( , 2003 and others (Levine and D'Antonio 1999 , Lonsdale 1999 , Brown and Peet 2003 that species diversity has no direct causative effect on invasibility and that environmental factors that covary with species diversity explain the relationship with the extent of invasion. However, the three studied species are all aggressive invaders and may be less likely to be influenced by environmental differences among habitats. Further, these findings are applicable over the time scale of this study, but it is possible that the species diversityinvasibility relationship could change as the invasion of these sites continues.
Our analysis indicates that propagule supply explains the positive relationship between species diversity and the extent of exotic plant invasion in the studied forests. Similarly, in an experimental manipulation of diversity and propagule pressure in a riparian plant community, Levine (2000) found that propagule pressure predicted exotic species establishment better than resident species diversity. Our results suggest that without accounting for propagule pressure, we cannot determine which communities are more invasible or understand the fundamental processes driving invasion.
